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ABSTRACT 24 

Engineered nanoparticles (ENPs) are widely used in industry, agriculture and consumer products. 25 

Their residues are gradually released into the environment via wastewater treatment plants and 26 

biosolid application. This review critically analyses the environmental fate, transformation processes, 27 

ecotoxicological effects, analytical detection methods and risk assessment frameworks of the major 28 

ENP types: TiO₂, Ag, ZnO and CeO₂. ENPs are subject to physicochemical transformations 29 

(aggregation, dissolution, sulfidation and coating with natural organic matter (NOM)) after 30 

environmental release that can significantly affect their mobility, bioavailability and toxicity. 31 

Predicted environmental concentrations are 0.003–16 μg/L in surface water for Ag and TiO₂ 32 

mailto:jaisriramjc@gmail.com
mailto:padmanabhan.ks@gmail.com
mailto:vinod.se@vistas.ac.in
mailto:jamil@utem.edu.my
mailto:vinod.se@vistas.ac.in
mailto:jamil@utem.edu.my


 

 

respectively and 0.01–10 mg/kg in soil from biosolid applications. Ecotoxicological evidence 33 

indicates high sensitivity among aquatic organisms. 48-hour LC50 values of 2-40 μg/L have been 34 

reported for Daphnia magna and EC50 values of 0.05-5 mg/L have been reported for freshwater algae. 35 

Sulfidation reduces the toxicity of silver nanoparticles by 5–20 times, showing that environmental 36 

transformation can significantly reduce risks. Single-particle ICP-MS has improved environmental 37 

detection, but differentiating engineered nanoparticles from natural nanoparticles remains a key 38 

analytical challenge. Existing risk assessment schemes do not take bioavailability changes related to 39 

transformations into account and environmental quality standards specific to nanomaterials are 40 

lacking. The review emphasises the importance of transformation-aware risk models, standardised 41 

testing procedures and safe-by-design approaches for environmentally sustainable nanotechnology 42 

development. 43 

KEYWORDS: Engineered nanoparticles, Environmental transformation, Ecotoxicity, Single-44 

particle ICP-MS, Risk assessment 45 
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 1. INTRODUCTION 49 

The rapid growth of nanotechnology over the past two decades has led to the large-scale production 50 

and use of engineered nanoparticles (ENPs) in diverse sectors such as medicine, agriculture, energy, 51 

electronics and consumer goods (Vance et al., 2015). The worldwide production of nanomaterial is 52 

still growing significantly, e.g. the production of titanium dioxide (TiO2) is more than 10,000 tonnes 53 

per year and the production of silver nanoparticles (AgNPs) is 500 tonnes per year (Piccinno et al., 54 

2012). These particles (1–100 nm) have unique properties of physicochemical nature, such as high 55 

surface area-to-volume ratio, quantum effects and increased reactivity, which make them different 56 

from their bulk counterparts (Joudeh and Linke, 2022; Nel et al., 2006). Commercial applications 57 

include drug delivery and diagnostics for pharmaceuticals (Mitchell et al., 2021), nano-fertilizers and 58 

pesticides (Kah et al., 2018), solar cells and batteries (Li et al., 2018), antibacterial clothes and 59 

cosmetics (Venkatesan et al., 2017), and environmental remediation catalysts  (Gawande et al., 2016). 60 

The most commonly produced ENP categories include metal oxides (TiO₂, ZnO, CeO₂), metal-based 61 

nanoparticles (Ag, Au, Cu), and carbon nanomaterial (CNTs, graphene) (Bundschuh et al., 2018). 62 

However, the widespread utility of ENPs has raised environmental concerns for unintentional release, 63 

persistence and ecological impacts as integration into commercial products increases (Gottschalk et 64 

al., 2009). ENPs are released to the environment during manufacturing emissions, wastewater 65 

discharge, product wear and washing and landfill disposal (Keller et al., 2013). Wastewater treatment 66 

plants (WWTPs) are important point sources that transfer 70–99% of influent nanoparticles into 67 

sewage sludge and discharge the remaining 1–30% into receiving waters (Westerhoff et al., 2011). 68 

The direct terrestrial ENP exposure pathway is via application of biosolids to agricultural land (Kiser 69 

et al., 2009). Once released, ENPs undergo several physicochemical transformations such as 70 

aggregation, dissolution, surface coating by natural organic matter (NOM) and chemical speciation 71 

changes, which strongly influence their mobility, bioavailability and toxicity (Levard et al., 2013; 72 

Lowry et al., 2012). Due to their persistence in sediments and soils, they are considered emerging 73 

contaminants (Nowack et al., 2012). According to models, the concentration of TiO2 in surface water 74 



 

 

is predicted to be 0.7-16 μg/L and for Ag it is 0.003-0.5 μg/L, while soils may have concentrations 75 

up to 0.1-100 mg/kg from biosolids application (Gottschalk et al., 2013; Sun et al., 2016). 76 

There are still considerable knowledge gaps in understanding how ENPs behave and impact 77 

ecosystems under realistic exposure conditions (Nel et al., 2013). Laboratory studies typically use 78 

nanoparticles at high concentrations in simplified media, with poor representation of complex 79 

environmental matrices that undergo continuous transformation (Atofarati et al., 2026; Bondarenko 80 

et al., 2013). Long-term field monitoring is scarce and analytical detection at environmentally 81 

relevant concentrations (ng/L to μg/L) while differentiating engineered from natural nanoparticles is 82 

technically challenging (von der Kammer et al., 2012; Laborda et al., 2013; Pérez-López et al., 2026). 83 

The presence of multiple mechanisms, such as particle-specific effects and toxicity of dissolved ions, 84 

also complicates the assessment of toxicity, and is not adequately captured by conventional risk 85 

assessment frameworks (Hou et al., 2013). Inconsistent reporting of characterisation and the lack of 86 

standardised testing protocols continue to hinder the comparability between studies and 87 

reproducibility of data (Petersen et al., 2015). 88 

1.1. Methodology of Review 89 

In this review, a structured literature search was performed in three major scientific databases: Scopus, 90 

Web of Science and Google Scholar. The following keyword combinations were used for searches 91 

performed in January 2026: “engineered nanoparticles AND environmental fate”, “nanoparticle 92 

transformation AND ecotoxicity”, “TiO2 OR AgNPs OR ZnO OR CeO2 AND risk assessment”, 93 

“nanoparticle AND aquatic toxicity OR terrestrial toxicity”, and “single-particle ICP-MS AND 94 

environmental detection”. The search was limited to peer-reviewed journal articles published 95 

between 2005 and 2025. 96 

Inclusion criteria were: (a) peer-reviewed studies on environmental behaviour, transformation, 97 

toxicity or risk assessment of ENPs; (b) studies that reported quantitative data on concentrations, 98 

toxicity endpoints or transformation rates; and (c) studies that were conducted in environmental or 99 

environmentally-relevant systems. Exclusion criteria were: (a) research that was purely biomedical 100 



 

 

or clinical, (b) non-environmental systems that were not ecologically relevant, and (c) research that 101 

lacked quantitative data or adequate characterisation. 102 

Initial database searches identified approximately 200 studies after removal of duplicates. Following 103 

abstract screening for inclusion/exclusion criteria, 100 studies were assessed for eligibility at full text 104 

level. After full text screening, 70 studies were included for detailed synthesis. This review has been 105 

structured as a critical narrative review rather than a systematic review. No formal study-quality 106 

scoring system was applied but the strength of evidence is discussed qualitatively throughout. Data 107 

extracted from each study included: type of ENP, environmental compartment, concentration range, 108 

transformation mechanism, toxicity endpoint, species tested, and analytical method. 109 

1.2 Integrated Conceptual Framework of ENP Behaviour and Ecotoxicity 110 

The environmental behaviour of ENPs is the product of interrelated processes that connect release 111 

pathways, physicochemical transformations, bioavailability and biological responses across trophic 112 

levels. This review adopts an integrated conceptual framework that systematically links these 113 

processes to provide an integrated interpretation of ENP fate and ecotoxicological effects in 114 

environmental systems. 115 

ENPs are mainly released into air, water, and soil through industrial emissions, wastewater 116 

discharges, and biosolid application. They subsequently undergo a series of physicochemical 117 

transformations including aggregation, dissolution, sulfidation and eco-corona formation by NOM 118 

interactions that alter particle size, surface chemistry and chemical speciation and control 119 

environmental transport and persistence. Significantly, these transformations determine the 120 

bioavailability of nanoparticles, which is the main factor leading to ecotoxicological effects at 121 

different trophic levels. Aggregation and NOM coating usually decrease bioavailability and toxicity, 122 

whereas dissolution can release of bioavailable metal ions that increase toxicity especially for Ag and 123 

ZnO. This framework highlights that ecotoxicity is not an intrinsic property of the material but an 124 

emergent feature of environmentally aged forms under specific exposure conditions, a perspective 125 



 

 

that exposes the limitations of standard static risk assessment approaches. The interconnections 126 

between these processes are shown in Figure 1. 127 

 128 

Figure 1. Integrated conceptual framework linking ENP release, transformation, 129 

bioavailability, and ecotoxicity 130 

1.3  Scope and Objectives:  131 

Against this background, the present review critically synthesizes current knowledge on the 132 

environmental fate, transformation mechanisms, ecotoxicological effects, analytical detection 133 

methods, and risk assessment frameworks for the four most widely studied ENP types: TiO₂, Ag, 134 

ZnO, and CeO₂. Specifically, the review addresses the following questions: (i) Which transformation 135 

pathways dominate under different environmental conditions? (ii) When does transformation reduce 136 

ecological risk and when does it increase risk? (iii) Which risk assessment models are limited by their 137 

treatment of ENPs as static materials? and (iv) Where is the evidence strong, moderate, or 138 

contradictory? By focusing on environmentally aged rather than pristine nanoparticles, and by 139 

integrating findings from recent field studies alongside laboratory data, this review aims to provide a 140 

transformation-driven assessment that advances beyond descriptive synthesis toward a critically 141 

evaluated, evidence-weighted framework for ENP risk assessment. 142 
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2. ENVIRONMENTAL FATE AND TRANSFORMATION 144 

2.1 Release Pathways and Environmental Distribution 145 

Engineered nanoparticles are released into the environment through multiple pathways during their 146 

life cycle (Keller et al., 2013). The primary pathway for atmospheric release during synthesis and 147 

handling is via airborne emissions from manufacturing facilities, although levels of exposure at 148 

regulated sites have been mitigated via improved occupational controls (Froggett et al., 2014; Lee et 149 

al., 2026). Industrial process wastewater contributes to aquatic releases (Oladipo, 2026; Westerhoff 150 

et al., 2011). Consumer products are significant diffuse sources, sunscreens contribute 1–4 μg/L TiO2 151 

and ZnO to recreational waters (Labille et al., 2010), antimicrobial textiles release 0.1–20% of their 152 

silver content in washing (Benn and Westerhoff, 2008), and exterior paints release photocatalytic 153 

TiO2 slowly through weathering at about 10–100 ng/cm2/year (Al-Kattan et al., 2013). ENPs are 154 

directly applied to soil and crops through the agricultural use of nano-pesticides and nano-fertilizers 155 

(Islam, 2025; Kah et al., 2018). Veterinary applications add to loads in manure  (Dimkpa and 156 

Bindraban, 2018). 157 

Wastewater treatment plants (WWTPs) are important control points, where nanoparticles are 158 

concentrated by aggregation-enhanced sedimentation and biosorption. Typical activated sludge 159 

processes remove 70–99% of influent nanoparticles into sewage sludge, at concentrations 100–1000 160 

times higher than in the effluent (Cavazzoli et al., 2023). Biosolids contain silver in the range of 1-161 

100 mg/kg dry weight and TiO2 in the range of 1-6 mg/kg. The remaining 1–30% of nanoparticles 162 

are released in effluent at concentrations of 0.01–10 μg/L for silver and 5–50 μg/L for TiO2 (Keller 163 

et al., 2013; Westerhoff et al., 2011). The primary pathway for terrestrial ENP exposure is through 164 

land application of biosolids. Approximately 50-60% of sewage sludge in the EU and USA is used 165 

as a soil amendment. Mass balance modelling predicts that repeated applications of biosolids over 166 

10–100 years would result in accumulation of 0.1–5 mg/kg silver in agricultural topsoil (Sun et al., 167 

2016). Table 1 presents predicted and measured nanoparticle concentrations across key 168 

environmental compartments. 169 



 

 

Table 1. Predicted and Measured Nanoparticle Concentrations in Environmental 170 

Compartments 171 

ENP 

Type 

Surface 

Water PEC 

(μg/L) 

Surface 

Water MEC 

(μg/L) 

Sediment 

(mg/kg) 

Soil PEC 

(mg/kg) 

Biosolids 

(mg/kg) 
Reference 

TiO₂ 0.7-16 0.7-5.4 10-500 0.5–5 1000-6000 

(Gondikas et al., 2014; 

Gottschalk et al., 2013; 

Sun et al., 2016) 

Ag 0.003-0.5 0.003-0.5 0.05-5 0.01-2 1-100 

(Azimzada et al., 2017; 

Gottschalk et al., 2013; 

Sun et al., 2016) 

ZnO 0.1-3 0.1-3 5-50 0.1-5 100-1000 
(Gottschalk et al., 2013; 

Sun et al., 2016) 

CeO₂ 0.01-1 0.01-1 0.5-10 0.01-1 10-200 
(Gottschalk et al., 2013; 

Sun et al., 2016) 

PEC = predicted environmental concentration (model-derived); MEC = measured environmental 172 

concentration (field-measured). Surface water MEC values are from field studies; sediment and soil 173 

PEC values are primarily model-derived from  (Gottschalk et al., 2013; Sun et al., 2016). TiO₂ surface 174 

water MEC based on seasonal monitoring at Old Danube recreational lake (Gondikas et al., 2014). 175 

TiO₂ soil PEC reflects 10-year cumulative biosolids application scenario (Sun et al., 2016)  176 

2.2 Transformation Processes 177 

ENPs undergo physical, chemical, and biological transformations after release into the environment 178 

that significantly alter their properties (Feculak et al., 2025; Padmanabhan et al., 2026). Aggregation 179 

is through electrostatic and van der Waals forces, resulting in the formation of larger particle clusters, 180 

the rate of which is dependent on ionic strength, pH and natural organic matter (NOM) concentration 181 

(Azimzada et al., 2017; Hotze et al., 2010; Lowry et al., 2012). AgNPs and TiO2 nanoparticles are 182 

relatively stable in freshwater at low ionic strength (1 mM) and rapidly aggregate at seawater salinity 183 

(500–700 mM) (Keller et al., 2010). The resulting aggregates display reduced mobility and increased 184 

sedimentation rates, leading to a transfer of nanoparticles from the water column to sediments (Quik 185 

et al., 2012). Chemical transformations highly influence properties and toxicity of ENPs. Dissolution 186 

refers to the release of metal ions from the particle surfaces. Silver undergoes oxidative dissolution 187 



 

 

(4Ag⁰ + O2 + 4H+ → 4Ag+ + 2H2O) with rates increasing with smaller particle sizes, higher 188 

temperatures and lower pH. Studies have shown that 10 nm AgNPs dissolved 2-3 times faster than 189 

50 nm particles (Hosny et al., 2026; Liu and Hurt, 2010) and that surface coatings of AgNPs were 190 

important in the rate of dissolution, with citrate-coated AgNPs dissolving faster than PVP-coated 191 

particles. ZnO dissolves rapidly, particularly in acidic conditions (pH 4-6) releasing Zn2+ ions, which 192 

are the main driving force for its toxicity whereas TiO2 and CeO2 show limited dissolution in 193 

environmental pH ranges (David et al., 2012). For silver, transformation by sulfidation is of particular 194 

importance in anaerobic environments such as WWTPs and anoxic sediments. The process occurs in 195 

two steps. First, Ag⁰ is oxidised to Ag+; then it precipitates as silver sulphide (Ag2S) when reacting 196 

with dissolved sulphide (HS⁻/H₂S) (Levard et al., 2013). The overall transformation is represented as: 197 

Ag⁰ → Ag⁺ → Ag₂S. The formed Ag₂S is poorly soluble and much less toxic than AgNPs or dissolved 198 

Ag⁺. Field studies show that 50–90% of silver in sewage sludge is present as Ag₂S (Kiser et al., 2009; 199 

Levard et al., 2013). Table 2 summarises the key transformation processes and their effects on ENP 200 

mobility and toxicity. 201 

Table 2. Transformation processes and their effects on nanoparticle mobility and toxicity 202 

Process Mechanism Key Factors 
Effect on 

Mobility 

Effect on 

Toxicity 
Reference 

Aggregation 
Electrostatic, van 

der Waals forces 

Ionic strength 

(+), pH, NOM 

(±) 

Decreased 
(sedimentation) 

Decreased 
(reduced 

bioavailability) 

(Keller et al., 

2010; Hotze et 

al., 2010) 

Dissolution 
Oxidative/protonation 

release of ions  

Particle size (−), 

pH (−), O₂ (+), 

coating type 

Increased (ionic 

species) 

Increased Ag⁺, 

Zn²⁺ release (Ag, 

ZnO) 

(David et al., 

2012; Liu and 

Hurt, 2010) 

Sulfidation 
Ag⁰ → Ag⁺ → Ag₂S 

(two-step) 
Redox potential, 

sulfide availability 
Decreased (low 

solubility) 
Greatly decreased 

(5–20×) 
(Levard et al., 

2013) 

NOM coating 
Surface adsorption, eco-

corona formation 

NOM 

concentration, pH, 

ENP surface 

charge 

Variable Decreased 
(Stankus et al., 

2011) Grillo et 

al., 2015) 

Photocatalysis 
UV-induced ROS 

generation 
UV light intensity, 

O₂, water depth Variable 
Increased 

(TiO₂, ZnO) 

(Miller et al., 

2010) 



 

 

NOM = natural organic matter; (+) positive correlation; (−) negative correlation; (±) variable effect. 203 

*Photocatalysis applies only in sunlit surface waters; this process is negligible in sediments, soils, 204 

and subsurface environments where UV penetration is absent. 205 

 206 

NOM modification of the surface leads to the formation of an eco-corona which alters colloidal 207 

stability and biological interactions (Chakraborty and Lynch, 2025; Stankus et al., 2011). The NOM 208 

coating  generally increases the particle stability and could decrease the bioavailability by covering 209 

the reactive surface sites (Grillo et al., 2015). In surface waters, TiO2 and ZnO can photocatalytically 210 

react under UV irradiation, forming ROS, which can enhance toxicity to aquatic organisms (Miller et 211 

al., 2010). This photocatalytic effect is most relevant in sunlit surface waters and does not apply to 212 

sediments, soils, or subsurface environments where UV penetration is negligible. The simultaneous 213 

occurrence of multiple transformation processes results in time-dependent changes in ENP properties, 214 

generally resulting in environmentally aged particles that are larger, surface-coated and display 215 

significantly different toxicity profiles compared to pristine laboratory materials (Afrooz et al., 2013; 216 

Grillo et al., 2015; Martínez et al., 2020). Figure 2 illustrates the distribution of ENPs in the 217 

environment and main transformation pathways of ENPs in aquatic and terrestrial compartments.  218 

 219 

 220 



 

 

 221 

Figure 2. Environmental distribution and transformation pathways of engineered 222 

nanoparticles across compartments.  223 

Figure 2 illustrates release pathways from WWTPs and consumer products, partitioning among water, 224 

sediment and soil compartments, and key physicochemical transformation processes (Ridoy and 225 

Supto, 2025) (aggregation, dissolution, sulfidation, NOM coating and photocatalysis). Compartment 226 

boundaries are conceptual transitions; concentration values are indicative and are based on modelled 227 

and measured data in Table. 1. 228 

The contrasting effects of different transformation processes (aggregation reducing mobility, 229 

dissolution increasing ionic toxicity) highlight the inherent complexity of ENP environmental 230 

behaviour and the limitations of generalisation of risk from single-process studies. Most of the 231 

experimental studies focus on single transformation pathways in isolation, resulting in simple 232 



 

 

interpretations. Further studies should incorporate multiple concurrent pathways of transformation 233 

and directly relate physicochemical changes to biological responses to enhance the accuracy of 234 

environmental risk predictions. 235 

3. ECOTOXICOLOGICAL IMPACTS 236 

3.1 Aquatic Toxicity 237 

Water column dispersion and sediment accumulation expose aquatic organisms to ENPs (Bondarenko 238 

et al., 2013). Algae are the principal producers and the basic entrance point to aquatic food webs. 239 

Green algae (Pseudokirchneriella subcapitata) exposed to AgNPs have 72-hour EC50 values of 0.05–240 

5 mg/L, several orders of magnitude lower than bulk silver, which demonstrates the great 241 

bioavailability of nano-silver and dissolved Ag+ ions (Levard et al., 2013). Mechanisms of toxicity 242 

include oxidative breakdown and release of Ag⁺ ions and direct contact of particles with membranes 243 

leading to disruption of nutrient absorption. TiO₂ has a very low intrinsic toxicity (EC50 ranges 1-50 244 

mg/L) but its photocatalytic ROS production under UV irradiation significantly increases its effects 245 

in surface waters (Miller et al., 2010). High algal toxicity of ZnO (EC50 = 0.02–2 mg/L) is mostly 246 

due to fast Zn2+ dissolution (David et al., 2012). Species sensitivity varies; marine diatoms are often 247 

more tolerant than freshwater green algae. Chronic exposure to low levels (≤10 μg/L AgNPs) can 248 

negatively affect photosynthesis and lead to reproductive impacts over several generations 249 

(Bondarenko et al., 2013).  Figure 3 presents AgNP toxicity ranges across aquatic trophic levels based 250 

on data from Table 3. 251 

 252 

  253 

 254 



 

 

 255 

Figure 3. AgNP aquatic toxicity ranges across trophic levels.  256 

Aquatic invertebrates are critical in food web dynamics and nutrient cycling. Daphnia magna has 48-257 

h LC50 values of 2–40 μg/L for AgNPs with toxicity mechanisms including gut obstruction by 258 

ingestion of particles, Ag+ uptake through the carapace and oxidative stress (Bondarenko et al., 2013; 259 

Levard et al., 2013). Reproduction was adversely affected after chronic exposure at 1 μg/L in 21-day 260 

experiments. Bivalves such as mussels and oysters are able to bioaccumulate nanoparticles with 261 

bioconcentration factors (BCFs) ranging from 100 to 10,000 depending on particle type and 262 

speciation (Judy et al., 2011; Le et al., 2025). Sediment-dwelling invertebrates are relatively less 263 

sensitive, with LC50s generally 10-100 times greater than similar water-column exposures, because 264 

of reduced bioavailability in sediment matrices (Quik et al., 2012). Figure 3 shows that the sensitivity 265 

of algae and crustaceans is higher than that of fish at the same exposure concentrations. Values 266 

include EC50/LC50 ranges for Pseudokirchneriella subcapitata (algae, 72-h EC50: 0.05–5 mg/L), 267 

Daphnia magna (crustacean, 48-h LC50: 2–40 μg/L), and Danio rerio embryo (fish, 96-h LC50: 5–268 

100 μg/L) from laboratory investigations with pure AgNPs. Table 3 presents ecotoxicological data 269 

for key aquatic organisms across trophic levels. 270 



 

 

Table 3. Aquatic organism toxicity endpoints for common engineered nanoparticles by trophic 271 

level 272 

Organism Species ENP Duration Endpoint 
Test Endpoint 

Detail 
Concentration Mechanism Reference 

Algae 
P. 

subcapitata 
Ag 72 h EC50 Growth inhibition 0.05–5 mg/L 

Ag⁺, ROS, 

membrane 

disruption 

Levard et al., 

2013 

Algae 
P. 

subcapitata 
TiO₂ 96 h EC50 Growth inhibition 1–50 mg/L 

ROS (light-

dependent) 

Miller et al., 

2010 

Algae 
P. 

subcapitata 
ZnO 72 h EC50 Growth inhibition 0.02–2 mg/L Zn²⁺ dissolution 

David et al., 

2012 

Crustacean D. magna Ag 48 h LC50 Mortality 2–40 μg/L 

Gut blockage, 

Ag⁺, oxidative 

stress 

Bondarenko et 

al., 2013; 

Levard et al., 

2013 

Crustacean D. magna Ag 21 d NOEC 
Reproduction 

inhibition 
0.5–5 μg/L 

Chronic ion 

toxicity 

Bondarenko et 

al., 2013 

Fish 
D. rerio 

(embryo) 
Ag 96 h LC50 Mortality/hatching 5–100 μg/L 

Ion toxicity, 

developmental 

delay 

Bondarenko et 

al., 2013 

Fish 
D. rerio 

(adult) 
Ag 14–28 d NOEC 

Gill damage, 

behaviour 
1–10 μg/L 

Oxidative stress, 

neurotoxicity 

Bondarenko et 

al., 2013 

EC50 = median effective concentration; LC50 = median lethal concentration; NOEC = no observed 273 

effect concentration. All values represent pristine nanoparticle exposures in laboratory conditions; 274 

environmentally aged or sulfidized forms exhibit substantially reduced toxicity. AgNP EC50 for algae 275 

based on Levard et al. (2013); values reflect dissolved Ag⁺ contribution. 276 

Fish are vertebrate models for ENP toxicity evaluation. AgNPs have LC50 values of 5–100 μg/L in 277 

zebrafish (Danio rerio) embryo-larval experiments, which also reveal developmental consequences 278 

such as hatching delay and spinal abnormalities (Bondarenko et al., 2013). Adult fish subjected to 1–279 

10 μg/L AgNPs showed gill damage, oxidative stress indicators (increased catalase and superoxide 280 

dismutase activity) and neurotoxicity as shown by changes in swimming behaviour. Bioaccumulation 281 

occurs mainly in gills, liver and intestinal tissue with distribution patterns depending on size and 282 

surface qualities of the particles (Kumar et al., 2026; Oros, 2025). Trophic transfer studies have 283 

shown that most ENPs undergo trophic dilution, rather than biomagnification in aquatic food chains, 284 

unlike the biomagnification commonly associated with persistent organic pollutants(Judy et al., 2011). 285 



 

 

However, this pattern is material and food-chain specific, with different forms of ENP and exposure 286 

circumstances showing differing transfer patterns. This topic requires further exploration before 287 

broad generalisations can be drawn. 288 

3.2 Terrestrial Toxicity 289 

ENPs are mostly introduced to terrestrial ecosystems by biosolid land application, atmospheric 290 

deposition and pesticide use. Soil microbial populations are particularly sensitive indicators of the 291 

influence of ENPs due to their essential role in decomposing organic matter and performing nutrient 292 

cycles. AgNPs (10–100 mg/kg) diminish bacterial diversity, inhibit important soil enzyme activities 293 

such as dehydrogenase (20–50%), urease (15–40%), and phosphatase (10–30%), and depress 294 

nitrification (30–60%) (Ivask et al., 2014). The results from Ivask et al. (2014) are from E. coli liquid 295 

culture studies and impacts of the soil matrix including lower bioavailability due to sorption and 296 

sulfidation would indicate that toxicity thresholds in real soils are likely to be higher than would be 297 

inferred from liquid-culture values. Longer term investigations (several months duration) often report 298 

partial functional recovery especially in organic-rich soils where sulfidation progressively transforms 299 

AgNPs to Ag2S (Levard et al., 2013; Whitley et al., 2013). Effects on mycorrhizal fungal communities 300 

can be detected at 50–100 mg/kg (Ivask et al., 2014). Aged biosolid-derived Ag2S is shown to have 301 

far less microbial toxicity than pure AgNPs, but total abrogation of effects has not been established 302 

at concentrations above 100 mg/kg (Whitley et al., 2013). 303 

Table 4 represents terrestrial organism toxicity and ecosystem effects. 304 

Table 4. Terrestrial Organism Toxicity and Ecosystem Effects 305 

Target System ENP Concentration Duration Effect Magnitude Reference 

Bacteria† 
Agricultural 

soil 
Ag 10-100 mg/kg 28 d Dehydrogenase 

20-50% 

decrease 

(Ivask et al., 

2014) 

Bacteria† 
Agricultural 

soil 
Ag 1-10 mg/kg 28 d Nitrification 

30-60% 

decrease 

(Ivask et al., 

2014) 

Bacteria 
Biosolids 

soil 
Ag₂S 10-100 mg/kg 180 d 

Microbial 

biomass 

Significantly 

reduced 

effect 

(Levard et 

al., 2013; 



 

 

Target System ENP Concentration Duration Effect Magnitude Reference 

Whitley et 

al., 2013) 

Plant T. aestivum Ag 50-500 mg/kg 14 d Germination 
10-40% 

reduction 

(Cornelis et 

al., 2014) 

Plant L. sativa ZnO 
100-1000 

mg/kg 
7 d 

Root 

elongation 

20-70% 

reduction 

(Cornelis et 

al., 2014; 

David et al., 

2012) 

Earthworm E. fetida Ag 50-200 mg/kg 28 d LC50 50-200 mg/kg 
(Whitley et 

al., 2013) 

Earthworm E. fetida Ag₂S 
100-1000 

mg/kg 
28 d LC50 >1000 mg/kg 

(Whitley et 

al., 2013) 

Collembola F. candida Ag 10-100 mg/kg 28 d Reproduction 
40-80% 

reduction 

(Cornelis et 

al., 2014) 

LC50 = median lethal concentration. †Bacteria toxicity values from Ivask et al. (2014) were derived 306 

from E. coli liquid culture experiments; actual soil toxicity thresholds are expected to be higher due 307 

to reduced bioavailability in soil matrices. Ag₂S biosolids data from Whitley et al. (2013): 308 

significantly reduced but not fully eliminated toxicity at ≥100 mg/kg. 309 

Soil fauna are important organisms for decomposition and maintaining soil structure. Eisenia fetida 310 

(earthworm) had 28-day LC50 values of 50–200 mg/kg for pristine AgNPs but above 1000 mg/kg for 311 

Ag2S, indicating a distinct transformation-mediated reduction in toxicity of 5–20-fold (Whitley et al., 312 

2013). Folsomia candida (Collembola/springtail) reproduction is reduced by 40-80% at 10-100 mg/kg 313 

AgNPs suggesting sublethal reproductive effects occur at lethal concentrations (Cornelis et al., 2014). 314 

Field studies of biosolid amended agricultural soils generally show little effect on crop yield and soil 315 

function for realistic ENP concentrations below 10 mg/kg but are highly dependent on soil type, 316 

organic matter content, extent of sulfidation, duration of exposure and endpoint sensitivity 317 

(Alsayaydeh et al., 2024; Levard et al., 2013; Whitley et al., 2013).  Taken together, these results 318 

reveal that the toxicity of nanoparticles is not an intrinsic attribute of the material but one that is 319 

dynamically regulated by environmental transformation processes and exposure conditions, a finding 320 

with direct consequences for the design and application of risk assessment frameworks. 321 



 

 

 322 

4. DETECTION AND RISK ASSESSMENT 323 

4.1 Analytical Detection Methods 324 

The detection and characterisation of ENPs in complex environmental matrices remains a significant 325 

analytical challenge, because target concentrations range from ng/L to μg/L in water, and from μg/kg 326 

to mg/kg in solid matrices, together with the background interference from natural colloids and 327 

organic matter. Direct visualisation of particles with sub-nanometer resolution is possible with 328 

transmission electron microscopy (TEM) to determine particle size, shape and crystallinity whereas 329 

scanning electron microscopy coupled with energy-dispersive X-ray spectroscopy (SEM-EDS) 330 

allows surface imaging and elemental mapping (Ellis (Bradford) et al., 2026; von der Kammer et al., 331 

2012; Laborda et al., 2013). Critical disadvantages of both procedures include labour-intensive 332 

sample preparation, possibility of preparation artefacts, small sample volumes, and, significantly, the 333 

inability to distinguish engineered nanoparticles from morphologically similar natural colloids. 334 

Single-particle inductively coupled plasma mass spectrometry (sp-ICP-MS) represents a major step 335 

forward in the environmental analysis of nanoparticles, enabling the simultaneous quantification of 336 

particle number concentration, size distribution and dissolved ion concentration from the same sample 337 

(Laborda et al., 2013; Meng et al., 2023; Villarruel et al., 2026). In sp-ICP-MS analysis, a diluted 338 

suspension is injected into the ICP-MS where individual particles produce discrete signal pulses 339 

above the dissolved ion background. Signal strength is translated to particle mass and equivalent 340 

spherical dimension. The method has been used for AgNPs, TiO2, CeO2 and Au in wastewater 341 

effluent, surface water and soil extracts (Azimzada et al., 2017; Montaño et al., 2016). Size detection 342 

limits are element dependent, ranging from about 15–20 nm for Ag up to 50–100 nm for TiO₂, and 343 

particle number concentration detection limits are around 10⁵–10⁶ particles/mL (equivalent to 10¹¹–344 

10¹² particles/L) for 60-nm AgNPs under typical instrument conditions (Laborda et al., 2013; 345 

Montaño et al., 2016). Instruments with higher sensitivity, such as ICP-TOF-MS, can broaden the 346 

size detection range to smaller particles. Limitations are matrix effects which need to be calibrated 347 



 

 

carefully, density assumptions which lead to inaccuracy in size predictions, and the inability to 348 

differentiate between designed and naturally occurring nanoparticles of the same elemental makeup. 349 

Emerging methods like multi-element fingerprinting by ICP-MS/MS and machine learning 350 

classification of sp-ICP-MS signal signatures have the potential to improve engineered/natural 351 

distinction (von der Kammer et al., 2012). Table 5 presents a comparative review of analytical 352 

approaches for environmental nanoparticle identification. 353 

Table 5. Analytical Techniques for Environmental Nanoparticle Detection 354 

Technique Information 
Size 

Range 

Detection 

Limit 
Advantages Limitations Reference 

TEM 
Morphology, size, 

crystallinity 

1-1000 

nm 

Variable 

(sample-

dependent) 

Sub-nanometer 

resolution, crystal 

structure 

Labor-intensive, 

artifacts, low 

throughput, no 

ENP/natural ID 

(Laborda et 

al., 2013) 

SEM-EDS 

Morphology, 

elemental 

composition 

5-

10,000 

nm 

Variable 
Surface imaging, 

elemental mapping 

Lower resolution 

than TEM, sample 

prep required 

(Laborda et 

al., 2013) 

DLS 
Hydrodynamic 

diameter, PDI 

1-6000 

nm 

0.1–1 mg/L 

(minimum for 

reliable 

sizing)† 

Fast, simple, non-

destructive 

Unsuitable for 

polydisperse 

samples, no 

elemental ID, 

intensity-biased 

(Hotze et al., 

2010) 

sp-ICP-MS 

Particle size, 

number 

concentration, 

dissolved ions 

15–

1000 

nm‡ 

10⁵–10⁶ 

particles/mL 

Quantitative, 

element-specific, 

simultaneous size 

and concentration 

Size LOD 

element-

dependent, no 

ENP/natural ID, 

density 

assumptions 

(Laborda et 

al., 2013; 

Montaño et 

al., 2016) 

AF4-ICP-

MS 

Size-resolved 

elemental 

composition 

1-1000 

nm 
μg/L range 

Size fractionation, 

broad size range 

Time-consuming, 

sample dilution 

required 

(von der 

Kammer et 

al., 2012) 

PDI = polydispersity index; LOD = limit of detection; DLS = dynamic light scattering; AF4 = 355 

asymmetric flow field-flow fractionation; ENP = engineered nanoparticle. †DLS measures intensity 356 

fluctuations to derive hydrodynamic diameter; it does not quantify particle number concentration. 357 

The value given represents the minimum sample concentration for reliable size measurement. ‡sp-358 

ICP-MS size detection limits are element-dependent: approximately 15–20 nm for Ag and 50–100 nm 359 

for TiO₂ under standard instrument conditions; higher-sensitivity instruments (e.g., ICP-TOF-MS) 360 

can extend detection to smaller sizes. 361 



 

 

Asymmetric flow field-flow fractionation coupled with ICP-MS (AF4-ICP-MS) allows size-resolved 362 

elemental analysis over a wide size range and is particularly useful for polydisperse environmental 363 

samples when DLS performance is insufficient (von der Kammer et al., 2012). A common problem 364 

for all approaches is to distinguish designed from naturally occurring nanoparticles, which may be 365 

indistinguishable in elemental composition and overlapping size ranges. The lack of recognised 366 

reference materials for environmental matrices further limits the validation and standardisation of 367 

analytical methods amongst laboratories. The development of approved standards, upgrade 368 

instruments and expand data processing methods are essential to overcome these analytical limits and 369 

provide credible environmental monitoring data. 370 

4.2 Risk Assessment and Regulation 371 

The ecological risk evaluation of ENPs is based on a standard risk quotient (RQ) approach, where the 372 

predicted environmental concentration (PEC), is compared with the predicted no-effect concentration 373 

(PNEC). RQ = PEC/PNEC and RQ > 1 shows the possible ecological danger (Gottschalk et al., 2013). 374 

However, application of this approach to nanomaterials is difficult because of their particular 375 

physicochemical features, dynamic transformation behaviour and insufficient toxicity data (Hou et 376 

al., 2013; Nel et al., 2013). The exposure estimate is based on material flow models which consider 377 

production volumes, product consumption, release rates and environmental partitioning (Gottschalk 378 

et al., 2013). Probabilistic models incorporating uncertainty distributions show reasonable agreement 379 

(within one order of magnitude) with measured concentrations for TiO2 and Ag in the well-studied 380 

locations (Azimzada et al., 2017; Gondikas et al., 2014). A major source of uncertainty is 381 

bioavailability. Aggregated and environmentally aged nanoparticles are less bioavailable than pristine 382 

particles (Ellis (Bradford) et al., 2026). Transformation to less toxic forms especially Ag2S via 383 

sulfidation greatly reduces bioavailability, although this is only partially incorporated into existing 384 

models (Grillo et al., 2015; Levard et al., 2013). The hazard evaluation is based on multi-species 385 

toxicity data to develop species sensitivity distributions (SSDs) and to create PNEC values that are 386 

protective for 95% of the species (Petersen et al., 2015). SSDs require large quantities of high quality 387 



 

 

data and the majority of research available are based on pristine nanoparticles at concentrations higher 388 

than environmental values, causing systematic bias. For AgNPs, the most robust body of evidence 389 

allows derivation of PNEC values of 0.04−0.8 μg/L for freshwater utilising SSD approach 390 

(Bondarenko et al., 2013; Chen et al., 2024).  These values are compared to AgNP surface water PEC 391 

values of 0.003–0.5 μg/L, suggesting that risk quotients might approach or surpass 1 in WWTP-392 

receiving waters, warranting closer regulatory attention (Gottschalk et al., 2013; Sun et al., 2016).  393 

Figure 4 presents the transformation-informed risk assessment framework showing how key 394 

transformation processes modify PEC, bioavailability, and RQ relative to static assessments. 395 

396 

Figure 4: Analytical Detection and Risk Assessment Framework 397 

Figure 4 shows a transformation-based risk assessment paradigm for engineered nanoparticles 398 

(ENPs). The framework illustrates how important transformation processes, aggregation, dissolution, 399 

sulfidation and NOM coating, change effective PEC (by changing bioavailable fraction), shift PNEC 400 

(by changing speciation and toxicity) and thus alter risk quotient (RQ = PEC/PNEC) relative to 401 

assessments based on pristine nanoparticle properties. Values are indicative and derived from the data 402 

in Tables 1, 3 and 6. Table 6 presents indicative risk quotients for each ENP type across freshwater 403 

and soil compartments using PEC and PNEC ranges from Tables 1 and 3. 404 



 

 

 405 

Table 6. Indicative Risk Quotients (RQ) for ENPs in Environmental Compartments: 406 

ENP Compartment 
PEC 

Range 
PNEC 

RQ 

Range 
Risk Indication Reference 

Ag Freshwater 
0.003–0.5 

μg/L 

0.04–0.8 

μg/L 

0.004–

12.5 

Low to high — RQ > 1 

near WWTP effluents 

Bondarenko et al., 2013; 

Gottschalk et al., 2013 

TiO₂ Freshwater 
0.7–16 

μg/L 
1–10 μg/L 0.07–16 

Low to high — RQ > 1 in 

impacted systems 

Gottschalk et al., 2013; 

Petersen et al., 2015 

ZnO Freshwater 
0.1–3 

μg/L 

0.1–1 

μg/L 
0.1–30 

Low to high — dissolution 

increases risk 

Gottschalk et al., 2013; 

Bondarenko et al., 2013 

CeO₂ Freshwater 
0.01–1 

μg/L 
1–10 μg/L 0.001–1 Generally low Gottschalk et al., 2013 

Ag 
Agricultural 

soil 

0.01–2 

mg/kg 

0.1 

mg/kg† 
0.1–20 

Moderate to high after 

biosolid accumulation 

Sun et al., 2016; Cornelis et 

al., 2014 

ZnO 
Agricultural 

soil 

0.1–5 

mg/kg 
1 mg/kg† 0.1–5 Low to moderate 

Sun et al., 2016; Cornelis et 

al., 2014 

RQ = PEC/PNEC; RQ > 1 indicates potential ecological risk. All values are indicative and based on 407 

PEC ranges from Table 1 and PNEC estimates from species sensitivity distributions. †Soil PNEC 408 

values are provisional estimates based on available ecotoxicological data; nano-specific soil quality 409 

standards have not been formally established. RQ ranges reflect the full PEC and PNEC uncertainty 410 

ranges; central estimates are lower. Transformation processes (sulfidation, aggregation) would 411 

reduce effective PEC and thus RQ in aged systems. 412 

Globally, there are many regulatory systems for nanomaterials. REACH (the European Union's law) 413 

requires detailed physicochemical characterisation of compounds generated in quantities greater than 414 

1 tonne per year and established a separate nano-specific registration obligation in 2018. In the United 415 

States, nanoparticles are regulated by the Toxic Substances Control Act (TSCA) via case-by-case 416 

Significant New Use Rules (Hunt et al., 2025). OECD has revised 15 test criteria to make them 417 

applicable to nanomaterials. However, there remains a critical gap: no jurisdiction has yet established 418 

nano-specific environmental quality standards (EQS) that distinguish between nanoparticulate, 419 

dissolved, and bulk forms that are substantially different in bioavailability and toxicity (Chaudhari et 420 



 

 

al., 2025; Petersen et al., 2015). There is limited postmarket environmental monitoring, leaving actual 421 

environmental ENP concentrations largely uncharacterised. 422 

The safe-by-design solutions are a proactive way to incorporate environmental issues at the 423 

development stage of nanomaterials (Chaudhari et al., 2025; Grillo et al., 2015; Maynard, 2015).  424 

Critical strategies include (a) replacing highly toxic elements with less-harmful elements (e.g., iron-425 

based nanoparticles versus silver for antimicrobial applications) (b) controlling particle size and 426 

surface chemistry to reduce environmental and biological persistence (c) applying degradable or 427 

reactive-site-blocking coatings to reduce bioavailability and (d) designing ENPs to rapidly transform 428 

to environmentally benign end-products (e.g., designing ZnO to dissolve to bioavailable Zn2+ , an 429 

essential plant nutrient, rather than persisting as toxic nanoparticles). Green synthesis approaches 430 

with plant extracts and benign solvents give lower-impact alternatives to standard chemical synthesis 431 

methods. Life-cycle assessment (LCA) frameworks offer a means for a full assessment of 432 

environmental consequences from raw material extraction through end-of-life, facilitating holistic 433 

sustainability assessment of nanomaterial products (Babu et al., 2025; Hicks, 2025; Ramadan et al., 434 

2024).  435 

5. Future Perspectives in ENP Environmental Research 436 

Although substantial progress has been made in understanding the environmental fate and 437 

ecotoxicological effects of ENPs, numerous key knowledge gaps persist that hinder robust risk 438 

assessment and regulatory decisions. This section outlines priority research directions required to 439 

shift the field from a descriptive, laboratory-based assessment, to a dynamic, transformation-aware 440 

and field-validated knowledge of ENP environmental risk. 441 

 442 

 443 

 444 

 445 



 

 

Priority 1: Develop certified environmentally aged ENP reference materials.   446 

The most common constraint across all of the domains evaluated is the use of pure, as-synthesized 447 

nanoparticles in laboratory toxicity and fate studies. In real-world environmental systems, ENPs 448 

undergo constant transformation including aggregation, dissolution, sulfidation and NOM coating 449 

which profoundly changes their properties hours to days after release. Future research should use pre-450 

aged or transformation-simulated ENP suspensions that represent field-relevant speciation. The 451 

development of certified reference materials for important ENPs (Ag, TiO₂, ZnO, CeO₂) in their 452 

environmentally transformed forms (e.g. Ag₂S, NOM-coated TiO₂) within significant environmental 453 

matrices will enable cross laboratory comparability and standardised risk testing. 454 

The scope of this review paperis restricted to metal and metal oxide ENPs (TiO₂, Ag, ZnO, CeO₂) for 455 

which sufficient environmental fate and ecotoxicological data exist to support a transformation-456 

driven synthesis. Carbon-based nanomaterials (CNTs, graphene, fullerenes) are outside the scope of 457 

this review.  458 

Priority 2: Implement long-term field monitoring.   459 

Most ecotoxicological data available are from short-term (days to weeks) laboratory exposures at 460 

concentrations orders of magnitude exceeding ambient values. Chronic toxicity data at 461 

environmentally relevant doses (ng/L to μg/L in water; μg/kg to low mg/kg in soil) at across multiple  462 

trophic levels are still sparse for all four evaluated ENP classes. Long-term field monitoring studies 463 

in WWTP receiving waters and biosolid amended agricultural soils are particularly needed to confirm 464 

model predictions and demonstrate real-world ecosystem-level effects. 465 

Priority 3: Integrate transformation kinetics into risk assessment frameworks.   466 

Existing risk assessment methods consider ENPs as static materials with fixed properties and fixed 467 

PEC and PNEC values that do not account for time-dependent changes in speciation. The 468 

transformation-aware risk assessment approach would include: (a) transformation kinetics in 469 

environmental compartments (WWTP, freshwater, sediment, soil); (b) compartment-specific 470 



 

 

bioavailability fractions for pristine vs. aged forms of ENP; and (c) dynamic RQ calculation, which 471 

varies with progressing transformation. Table 7 provides a transformation-by-compartment evidence 472 

matrix for the four ENPs assessed, scoring the strength of available evidence (strong, moderate, or 473 

weak) for each transformation pathway in each compartment. 474 

Priority 4: Develop harmonised analytical methodologies and certified reference materials. 475 

Harmonised analytical techniques across laboratories are needed for reliable environmental 476 

monitoring. No standardised calibration strategies exist for sp-ICP-MS systems at present. Element- 477 

specific size detection limits (Ag: 15-20 nm; TiO2: 50-100 nm) are higher than the size range of most 478 

environmentally significant ENP fractions. Key steps towards the generation of reproducible and 479 

comparable monitoring datasets include the development of certified reference materials for 480 

environmental matrices, the harmonisation of international sp-ICP-MS calibration protocols, and the 481 

advancement of emerging techniques including multi-element ICP-MS/MS fingerprinting and 482 

machine learning classification of particle signal signatures.  483 

Priority 5: Develop nano-specific environmental quality standards (EQS).  484 

No jurisdiction has yet defined formal EQS that discriminate between the nanoparticulate, dissolved 485 

and bulk forms of metals in environmental compartments. For freshwater AgNPs, the available PNEC 486 

values obtained from SSDs (0.04–0.8 µg/L) and PEC estimates (0.003–0.5 µg/L) show that RQ values 487 

may approach or surpass 1 in the vicinity of WWTP discharges, but there is no regulatory trigger to 488 

require action. Science-based regulatory thresholds for nano-specific EQS adjusted for bioavailability 489 

data from transformation would promote the use of safe-by-design production techniques. 490 

Priority 6: Develop a systematic transformation-by-ENP evidence synthesis. 491 

One major limitation noted in this research is the absence of a structured cross-comparison of 492 

transformation behaviour and corresponding risk alterations across the four ENP types and relevant 493 

environmental compartments. Such synthesis would enable evidence-based prioritisation of research 494 

investment and regulatory attention. Table 7 summarises the proposed evidence-confidence matrix of 495 



 

 

existing knowledge strength for each transformation-compartment combination across TiO₂, Ag, ZnO 496 

and CeO₂. The matrix illustrates that sulfidation of Ag in WWTP and sludge systems and dissolution 497 

of Ag and ZnO in freshwater are the best characterised transformation-risk linkages presently 498 

available, while transformation behaviour of CeO₂ across all compartments and effects of 499 

photocatalysis in non-surface-water environments remain poorly evidenced and warrant prioritised 500 

investigation. 501 

Table 7. Transformation-by-ENP-Compartment Evidence Confidence Matrix: 502 

Transformation Compartment Ag TiO₂ ZnO CeO₂ 

Sulfidation WWTP/Sludge Strong ✓ Not applicable Moderate Weak 

Sulfidation Freshwater sediment Moderate Not applicable Weak Weak 

Dissolution Freshwater Strong ✓ Weak Strong ✓ Weak 

Aggregation Freshwater Strong ✓ Strong ✓ Moderate Moderate 

NOM coating Freshwater Moderate Moderate Moderate Weak 

Photocatalysis Surface water Weak Strong ✓ Moderate Weak 

Transformation → risk 

reduction 
Soil/Biosolids Strong ✓ Weak Moderate Weak 

Strong: multiple independent studies with consistent findings; Moderate: limited studies or 503 

conflicting results; Weak: single study or largely uncharacterised. ✓ indicates transformation 504 

reduces ecological risk; entries without ✓ indicate transformation increases or has variable effect 505 

on risk. "Not applicable" indicates the transformation pathway does not apply to this ENP type. 506 

Addressing these six priorities through coordinated international research programmes, standardised 507 

testing frameworks and transformation-aware regulatory approaches will help to facilitate a transition 508 

from current static, material-centric risk assessment to a dynamic, system-level understanding of ENP 509 

environmental behaviour and hence responsible and sustainable governance of nanotechnology. 510 

6. CONCLUSIONS 511 

WWTP effluents and biosolid land application are the main routes via which engineered nanoparticles 512 

are introduced into aquatic and terrestrial systems, with surface water concentrations in the range of 513 



 

 

0.003–16 μg/L and soil concentrations in the range of 0.01–10 mg/kg, depending on ENP type. 514 

However, concentration statistics alone are not adequate to describe environmental danger. Following 515 

release into the environment, ENP mobility, bioavailability and toxicity are continuously modified 516 

by transformation processes such as aggregation, dissolution, sulfidation and NOM coating. The key 517 

conclusion from this review is that ENP toxicity is not an inherent material characteristic but an 518 

emergent property of environmentally aged forms under certain exposure conditions. Sulfidation 519 

reduces silver nanoparticle toxicity by 5–20-fold, demonstrated by earthworm LC50 shifting from 520 

50–200 mg/kg for pristine AgNPs to >1000 mg/kg for Ag2S, while dissolution of Ag and ZnO releases 521 

bioavailable metal ions that substantially increase toxicity relative to aggregated or sulfidized forms. 522 

Aquatic organisms are generally more vulnerable to ENP exposure than terrestrial organisms, with 523 

deleterious effects found at concentrations of μg/L. AgNP LC50 values of 2-40 μg/L for Daphnia 524 

magna and risk quotients at or above 1 for WWTP discharges indicate ecologically significant 525 

exposure in impacted systems. Terrestrial effects are highly dependent on soil parameters, depth of 526 

transformation and duration of exposure; field investigations in biosolid-amended soils suggest 527 

generally modest effects below 10 mg/kg but results vary widely with soil type and organic matter 528 

concentration. Trophic transfer studies suggest dilution rather than biomagnification for most 529 

examined ENP types and food chains, although this trend needs to be verified in a material-specific 530 

and chain-specific way before broad generalisation. 531 

Advances in analytical techniques especially sp-ICP-MS have greatly enhanced the detection of ENPs 532 

in complex environmental matrices. However, critical unresolved limitations include size detection 533 

limits of 15–20 nm for Ag and 50–100 nm for TiO2, and the inability to differentiate engineered and 534 

natural nanoparticles. There are no jurisdictional nano-specific environmental quality standards 535 

distinguishing nanoparticulate, dissolved and bulk forms, a regulatory gap that erodes evidence-based 536 

risk management. Closing these gaps needs transformation-integrated risk models with dynamic RQ 537 

calculations, long-term field monitoring programmes, certified environmentally aged reference 538 

materials and internationally harmonised analytical and regulatory standards. Responsible and 539 



 

 

sustainable governance of nanotechnology will be further supported by implementing safe-by-design 540 

methodologies and life-cycle assessment frameworks, minimising ecological risks. 541 
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